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Abstract
1.	 Tropical savannas are known for the fire-prone ecosystems, yet, riparian ever-

green forests are another important landscape feature. These forests usually 
remain safe from wildfires in the wet riparian zones. With global changes, large 
wildfires are now more frequent in savanna landscapes, exposing riparian forests 
to unprecedented impact.

2.	 In 2017, a large wildfire spread across the Chapada dos Veadeiros National Park, 
an iconic UNESCO site in central Brazil, raising concerns about its impact on the 
fire-sensitive ecosystems. By combining remote sensing analysis of Google Earth 
images (2003–2019) with detailed field information from 36 sites, we assessed 
wildfire impacts on riparian forests. For this, we measured the structure of trees, 
saplings and herbaceous plants, as well as topsoil variables.

3.	 Since 2003, all riparian forests had canopy cover above 90%, but after 2017, 
canopy cover dropped to 20% in some forests, indicating large variation in 
wildfire damage. A closer look in the field revealed that, on average, the wild-
fire killed 52% of adult trees and 87% of tree saplings in flooded forests. In 
non-flooded forests, impacts on adult trees were negligible, but fire killed 75% 
of tree saplings. Opportunistic vines and the invasive grass Melinis minutiflora 
were already present in severely disturbed flooded forests. In all forests, im-
pacts on many ecosystem variables were related to canopy damage, a variable 
measurable from satellite. Overall, seasonally flooded riparian forests were the 
most severely impacted, possibly due to the relatively thinner barks of their 
trees.
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1  | INTRODUC TION

Globally, interactions between climate change and human activi-
ties are exposing tropical ecosystems to new stressing conditions 
(Barlow et  al.,  2018). Arguably, tropical savanna landscapes are 
among the most threatened, in part because of misinformed land 
management. Agribusiness expansion over savannas is often asso-
ciated with habitat loss and the introduction of non-native grasses 
(Strassburg et al., 2017; Veldman et al., 2015). These grasses disperse 
from planted pastures and become invasive in well-preserved sites, 
where they often outcompete native species, altering ecosystem 
functioning (Damasceno et al., 2018; Zenni et al., 2019). They pro-
duce more fuel biomass than native grasses, increasing the risk of 
large wildfires (Damasceno et al., 2018; D'Antonio & Vitousek, 1992; 
Fusco et al., 2019). In addition, fire exclusion practices are also in-
creasing landscape flammability (Schmidt et  al.,  2018; Veldman 
et  al.,  2015). As a result, tropical savannas are losing resilience to 
withstand climatic changes, with potentially negative ecological and 
societal consequences (Bengtsson et al., 2019).

Tropical savannas are well-known for their biodiverse open 
habitats dominated by fire-resistant plant species. However, 
fire-sensitive evergreen forests are another important feature of 
these landscapes, often restricted to wet riparian zones (Bueno 
et  al.,  2018; Kellman & Meave,  1997; Natta et  al.,  2002; Pettit & 
Naiman,  2007; Ribeiro & Walter,  2008). Combined, these ecosys-
tem mosaics provide numerous services for societies. Grasslands 
and savannas provide forage for herbivores, medicine and wild food 
for local peoples, and contribute to the recharge of underground 
water reservoirs (Bengtsson et  al.,  2019). Riparian forests reduce 
soil erosion, enhancing water quality and water security (Wantzen 
et  al.,  2006). They may act as fire breaks, reducing the spread of 
wildfires (van Nes et al., 2018). Vertebrate species also benefit from 
the water and shelter provided by riparian forests, including top 
predators (Redford & Fonseca, 1986). Therefore, by connecting for-
est habitats and providing vital resources for keystone species, ripar-
ian forests contribute to stabilize trophic networks, and enhance the 

overall resilience of tropical savanna landscapes (Estes et al., 2011). 
Although riparian forests are surrounded by fire-prone ecosystems, 
their humid microclimate and wet soils usually suppress wildfires 
(Hoffmann et  al.,  2012). As a result, most tree species are fire- 
sensitive, with relatively thin barks, compared to trees in the open 
savanna (Dantas & Pausas, 2013). However, when rare large wild-
fires spread during extreme drought events, they are more likely to 
penetrate riparian forests with potentially negative impacts (Pettit 
& Naiman, 2007).

In recent decades, tropical savannas world-wide have been 
experiencing a lengthening of the fire weather season (Jolly 
et al., 2015). In tropical South America, the season is now 33 days 
longer than 35 years ago, which implies a higher wildfire risk (Jolly 
et al., 2015). In 2017, a delayed onset of the rainy season, coupled 
with land conflicts, resulted in numerous wildfires throughout Brazil 
(Fidelis et  al.,  2018). A particularly large one spread across the 
iconic Chapada dos Veadeiros National Park (CVNP), burning not 
only savannas but also the fire-sensitive riparian forests (Figure 1; 
Figures S1 and S2; Text S1). Here, we combine satellite image anal-
ysis with detailed field assessments, to quantify the impact caused 
by this large wildfire to riparian forests of the CVNP. First, to con-
firm the actual timing of the wildfire and assess its damage to for-
est cover, we used very high spatial resolution Google Earth images 
(2003 through 2019, ~0.5 m), and produced a time series of canopy 
cover change for 16 riparian forest fragments. We then tested if 
wildfire damage to the canopy, measured from satellite, was a good 
predictor of impacts on other ecosystem variables. Using field data 
from 36 sites randomly spread across the study area (Figure 1), we 
measured the structure of adult trees and saplings, the cover of her-
baceous plants, and several topsoil variables. We expected to find 
that canopy damage was related to tree size and bark thickness dis-
tributions; traits previously shown to influence tree mortality (Balch 
et al., 2011; Cochrane, 2003). Moreover, we hypothesized that in the 
open burnt sites, invasive grasses and opportunistic plants would be 
expanding, and that topsoils would be changing due to ash deposi-
tion and erosion processes.

4.	 Synthesis and applications. Our findings reveal how riparian forests embedded in 
tropical savanna landscapes are in danger from large wildfires. The destruction of 
some forests has opened space for new plant species that may propel a shift to 
an alternative ecosystem state. Riparian forests are habitat of large savanna ani-
mals and their loss could affect entire trophic networks. Managing wildfires and 
invasive grasses locally is probably the best strategy to maintain riparian forests 
resilient. As wildfire regimes intensify in tropical savanna landscapes, our findings 
stress the need for an integrated management that considers riparian forests as a 
vulnerable element of the system.

K E Y W O R D S

Cerrado, climate change, drought, global change, invasive grasses, resilience, resistance, 
tropical ecosystems
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2  | MATERIAL S AND METHODS

2.1 | Study area

We studied flooded and non-flooded riparian forest ecosystems 
at the CVNP, Brazil (Figure 1). The landscape is formed by mosaics 
of different vegetation types (Ribeiro & Walter, 2008). Wet and 
dry grasslands and savannas occur in between streams, covering 
most of the landscape. At the northwest edge of the park, dry 
deciduous forests are found, whereas at the southwest edge, ri-
parian evergreen forests are most common (Figure 1a). Riparian 
forests are closed-canopy ecosystems, which largely contrast to 

the open palm swamp savannas, locally known as veredas. Along 
riparian zones, the vegetation alters abruptly between closed-
canopy flooded forest and open palm swamp savannas, where na-
tive grasses coexist with the large monodominant palm Mauritia 
flexuosa. Some riparian forests in our study area can be season-
ally flooded by streams in the wet season, whereas others remain 
above the water level throughout the year (hereafter flooded and 
non-flooded forests). The region receives a mean annual rainfall 
of 1,500  mm, has a mean dry season of 130  days, and a mean 
temperature of 21°C (Oliveira & Marquis, 2002). The park is sur-
rounded by rural areas with pastures as the main activity, and 
small touristic towns.

F I G U R E  1   The 2017 wildfire at the Chapada dos Veadeiros National Park. (a) Map of the study region, in Central Brazil, showing 
in green forested areas, in grey the area affected by the wildfire, and in light green circles, our field study sites. (b) Photos show: (left) 
savanna landscape with riparian forests and palm swamp savannas along streams; (centre) fires at night, burning riparian ecosystems; (right) 
landscape burnt by wildfire, except for a fire break. Photo credits to B.M. Flores (left) and F. Tatagiba (ICMBio) (centre and right)

(a)
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(b)



4  |    Journal of Applied Ecology FLORES et al.

2.2 | Google Earth image analyses

To obtain a first overview of the actual damage caused by the 2017 
wildfire on riparian forests of the CVNP, we analysed time series 
of canopy cover produced with Google Earth images (Image data: 
©2020 CNES/Airbus & Maxar Technologies) of very high spatial res-
olution (~0.5 m), freely available for different years in Google Earth 
Pro software v 7.3.3.7699. Images prior to 2013 had 1.5  m spatial 
resolution. We included images from 2003, 2014, 2015, 2016, 2017 
and 2019, which had good quality (few clouds) for visual inspection 
and detection of canopy cover. To quantify canopy cover, we first 
used the image from 2014 to create polygons delimiting the contours 
of 16 riparian forest fragments within the study area (Figure 1). We 
classified each fragment as flooded or non-flooded, according to the 
micro-shed to which they belonged (Table S1). Among all riparian for-
ests in the study area, 54% is seasonally flooded, whereas the other 
46% does not flood in the wet season. We then added a spatial grid 
of points, spaced by 0.0001 degrees (~11 m), totalling 7,425 sample 
points within 90  ha of riparian forest (Figure  S3). For each sample 
point, in each year, we visually classified as covered by forest (1) or 
non-forest (0), from a viewpoint of 1.5  km in height. We classified 
areas with bare ground, shrub or herbaceous vegetation as non-
forest. For each year, we calculated canopy cover as the proportion of 
points inside each fragment that were covered by forest. This method 
has proven effective for detecting disturbances in the Amazon forest 
(Flores et al., 2014), which was confirmed at the CVNP. We analysed 
canopy cover change over the 16-year period using a ‘loess’ smoother 
with the ‘ggplot2’ package (Wickham, 2016), in R software (R Core 
Team, 2019).

2.3 | Field sampling

Six months after the wildfire, in April 2018, we sampled 36 field 
plots of 20 m × 10 m (0.02 ha) in riparian forests spread across 
five micro-sheds (streams) within the CVNP burnt area (Figure 1; 
Table  S1; Figure  S3a). With Landsat 8 (OLI) imagery from 29 
January 2017, scene 221-070, using false colour composites 
with the bands 7 (SWIR-2), 5 (NIR) e 4 (red) and the channels red, 
green and blue, we first identified 82 micro-sheds that could be 
used in the study. Among those possibilities, we chose five mi-
cro-sheds based on two criteria: (a) that they were embedded in 
the landscape affected by the wildfire and (b) their accessibility 
(Figure  1a). The plots were spaced by at least 30  m within for-
est fragments in each micro-shed, avoiding stream channels and 
edges. Riparian forests in four of the five streams are seasonally 
flooded (flooded forests). In contrast, forests along one stream 
are not flooded because the river channel is at least 2  m deep, 
keeping the forest soil well-drained even in the rainy season (non-
flooded forests). Among the 36 study sites, six were located in 
unburnt forests, including one in the non-flooded area and five in 
flooded areas. These sites were considered our ground reference 
for the pre-fire state. The other 30 study sites were located in 

forests burnt by the 2017 wildfire, including eight in non-flooded 
forests, and 22 in flooded forests. We classified forests as burnt 
or unburnt in the field using fire signs, such as charred trees and 
ashes in the superficial soil. We also confirmed our classification 
with Google Earth, using three sample points for each field site, to 
analyse their canopy cover change in time series.

In each 20  m  ×  10  m field plot, we measured the diameter at 
breast height (1.3 m, DBH) of all trees ≥10 cm. We also measured 
tree bark thickness using a bark corer. Because bark thickness in-
creases with tree age, we worked with relative thickness, calcu-
lated as 100  ×  (thickness/DBH), according to Lawes et  al.  (2013). 
Moreover, in three evenly spaced positions along the 20 m central 
line of each plot, we dug trenches to measure root mat depth, in-
cluding fine roots and hummus. In these same trenches, beneath 
the root mat, we collected superficial soil samples (0–20 cm) that 
formed one single compound sample per plot. These soil samples 
were analysed for texture and available (exchangeable) nutrients at 
the Soil Department Laboratory at the Federal University of Viçosa, 
Brazil (see Text S2 for details).

For each 20  m  ×  10  m field plot, we fixed four subplots of 
1 m × 1 m in each corner, in which we sampled tree saplings, na-
tive herbaceous cover, native vine cover, non-native (exotic) grass 
cover, bare soil cover and canopy cover. All measures taken from 
the four subplots were averaged to produce a single value per plot. 
In each subplot, we measured the density of woody saplings with 
DBH between 1 and 5 cm. We visually estimated the cover of her-
baceous plants, vines and non-native grasses within one of seven 
classes; class-0 for 0% cover, class-1 for cover 0%–5%, class-2 for 
cover 5%–25%, class-3 for cover 25%–50%, class-4 for cover 50%–
75%, class-5 for cover 75%–95% and class-6 for cover 95%–100%. 
We also visually estimated bare soil cover from 0% to 100% in each 
subplot, considering bare soil as the absence of root mat, litter or 
living plants. We estimated canopy cover using a Lemmon Spherical 
Concave Densiometer, taking measures to the north, south, east and 
west from each subplot, at 1.2 m above the ground. We obtained a 
total of 16 canopy cover measures per 20 m × 10 m field plot, which 
we averaged to obtain a single estimate.

2.4 | Field data analyses

Our analyses involved three main steps: (a) detect canopy cover 
changes over 16 fragments (~90 ha) of riparian forest; (b) test if fire 
damage to the canopy, measured with satellite and in the field, was 
a good predictor of other impacts on vegetation and soil variables 
measured in the field; (c) test if fire damage could be explained by 
tree diameter and bark thickness.

Step 1 involved a landscape-scale analysis to understand the 
magnitude of the 2017 wildfire. This approach also allowed us to 
extrapolate our field observations. We validated our remote sens-
ing analysis by comparing canopy openness measured with Google 
Earth (image of 2019) with canopy openness measured in the field 
(in 2018), in both cases after the wildfire. Satellite estimates were 
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based on observations from the three sample points nearest to 
each field plot (see Figure  S3). Field estimates of canopy open-
ness were based on 16 observations per plot. We used a Pearson 
correlation analysis to compare both estimates of mean canopy 
openness.

For step 2, first we quantified mean fire impacts on the vegeta-
tion and topsoil in field sites. For this, we first divided values found 
in burnt forests, by the mean value of unburnt reference forests: 
(1 − ‘burnt-site’/‘reference-mean’) × 100; (in the case of non-flooded 
forests, we used the values from the single reference site). For each 
variable, based on the impact observed in burnt sites, we estimated 
means and 95% confidence intervals. We then assessed in detail 
whether canopy openness could be used as proxy for other eco-
system impacts. This hypothesis is consistent with previous stud-
ies, showing that severe fires cause high tree mortality in tropical 
forests, increasing canopy openness and consequently the risk of 
reburning, grass invasion and topsoil erosion (Brando et al., 2014; 
Cochrane,  2003; Flores, Staal, et  al.,  2020). We related ‘canopy 
openness’ with tree basal area, sapling density, native and non-na-
tive herbaceous cover, vine cover, bare soil cover, root mat depth, 
as well as soil texture and nutrient availability. We analysed our 
data using linear mixed models (LMMs) with the r package ‘lme4’, 
function ‘lmer’ (Bates et al., 2015). For each response variable, we 
used ‘canopy openness’ as a fixed factor, and ‘micro-shed’ as a ran-
dom factor, to control for landscape heterogeneity (Table  S1). As 
a complementary analysis, we compared fire impacts between 
burnt and unburnt flooded and non-flooded forests, again using the 
function ‘lmer’ (Bates et al., 2015), with ‘forest type’ as fixed factor 
and ‘micro-shed’ as a random factor. We visually analysed the re-
sidual-plots from each model to check for normality, and log-trans-
formed the variables: ‘sapling density’, ‘native vine cover’ and ‘P 
concentration’, to approach normal distribution. For all analyses, we 
tested for spatial autocorrelation using the function ‘correlog’, in the 
r package ‘ncf’ (Bjornstad, 2020), with distance classes of 0.005 de-
grees (~550 m). We did not find any spatial autocorrelation among 
our field study sites in any of the analyses (Figures S4 and S5), and 
thus assumed that all field sites were independent replicates. Due 
to an imbalance in the number of replicates for flooded and non-
flooded forests (Table S1), we compared burnt forests of the single 
non-flooded micro-shed, with burnt forests grouped in four flooded 
micro-sheds. For this group comparison, we used the nonparametric 
Mann–Whitney (Wilcoxon) test, with the function ‘wilcox.test’ in R 
software (R Core Team, 2019), which uses ranked data and hence is 
rather robust to imbalanced sample sizes.

To understand whether tree diameter and bark thickness 
could explain differences in wildfire damage between flooded 
and non-flooded forests, we analysed the density distributions 
of DBH and relative bark thickness for all trees in each forest 
type, using data from unburnt forest reference sites only. We 
compared both forest types using a Mann–Whitney test with 
the function ‘wilcox.test’ in the R software. Both traits have 
been shown to influence fire resistance (Balch et  al.,  2011; 
Cochrane, 2003).

3  | RESULTS

3.1 | Wildfire damage to the canopy from satellite

Our analysis of canopy cover change in riparian forests at the CVNP, 
using Google Earth imagery, suggests that at least since 2003, can-
opy cover in all 16 forest fragments remained high above 90%. After 
2017, however, canopy cover decreased in many forests, reaching 
20% in some cases, and showing that wildfire impacts varied from 
mild to highly destructive. Wildfire damage to the canopy varied ac-
cording to the micro-shed where forests are located (Figure S6), and 
also to the local flooding conditions (Figure 2). We found a striking 
difference between flooded and non-flooded forests, with the first 
appearing to be more fire-sensitive (Figure 2). We validated our sat-
ellite estimates in the field, and found that post-fire canopy openness 
measured with Google Earth and in field plots were strongly corre-
lated (r = 0.80; Figure 2). Moreover, the analysis of canopy cover in 
the 16 forest fragments, before and after the wildfire, demonstrated 
how the damage was unrelated with pre-wildfire levels (Figure S7).

3.2 | Wildfire impacts assessed in the field

Field assessments show that (Table 1), on average, in flooded for-
ests, the wildfire decreased canopy cover by 38 (±13)%, killed 52 

F I G U R E  2   Temporal changes in canopy cover on 16 forest 
fragments in the study area (~90 ha), from 2003 through 2019, 
derived from Google Earth images. Before 2017, canopy cover was 
generally high, above 90%, but after the 2017 wildfire (vertical 
grey dashed line), canopy cover became variable, revealing a 
gradient of fire damage. We applied a small jitter to the horizontal 
(year) axis to reduce data overlap. Inner plot shows the correlation 
between canopy cover measured in the field in 2018 and canopy 
cover measured with Google Earth in 2019. For details on sampling 
method, see Figure S3. Satellite image credits to Google Earth 
(Image data: ©2020 CNES/Airbus & Maxar Technologies)
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(±15)% of the adult trees and 87 (±9)% of tree saplings, causing a 
47 (±13)% decrease in tree basal area, while native herbaceous and 
vine cover had increased by 20%–25% and <5% respectively. On 
average, invasive grasses increased <5%, but were already present 
in two severely burnt flooded forests. Bare soil cover increased by 
39 (±14)%, and root mat depth decreased by 65 (±18)%. Soil clay 
decreased by 25 (±9)%, and phosphorus availability increased by 
18-fold. In contrast, in non-flooded forests, the wildfire did not sig-
nificantly alter canopy cover, tree density, invasive grass cover, root 
mat depth, bare soil cover and soil clay. However, it killed 75 (±26)% 
of tree saplings, increased native herbaceous and vine covers by 
20%–25%, and slightly decreased phosphorus concentration. Burnt 
non-flooded forests also had more tree basal area than the single 
reference forest. These patterns and the values observed in refer-
ence forests also show how, for most ecosystem variables, wildfire 
impacts were severer on flooded forests, compared to non-flooded 
forests (Figure  S8), regardless of which micro-shed they belonged 
to (Table S2).

When then related ‘canopy openness’ to other ecosystem vari-
ables (Figure 3), and found that wildfire damage to the canopy sig-
nificantly predicted reductions in tree basal area (Figure  3a) and 
root mat depth (Figure  3f), as well as increases in bare soil cover 
(Figure  3e) and soil available phosphorus (Figure  3h). Damage to 
the canopy was also significantly related to an increase in soil pH 
and decrease in soil aluminium (Figure S9). We found a near-signifi-
cant (p = 0.06) reduction of sapling density (Figure 3b). Native vine 
cover, non-native grass cover and clay fraction did not change with 
fire damage (Figure 3). We could not estimate changes in non-na-
tive grass cover because most sites had zero cover, although we 
found that two burnt sites were already colonized by the African 
grass species Melinis minutiflora (<5% cover in Figure  3d). In gen-
eral, we found the strongest wildfire damages in flooded forests, 

TA B L E  1   Fire impacts on vegetation and topsoil variables 
of flooded and non-flooded riparian forests. We show per cent 
changes (mean ± CI), relative to reference sites. Red downward 
facing triangles indicate reduction. Blue upward facing triangles 
indicate increase

Ecosystem variable

Change (%) after the wildfire

Flooded forests
Non-flooded 
forests

Vegetation

Canopy cover −38 ± 13 −4 ± 2 

Tree density −52 ± 15 +4 ± 17

Tree basal area −47 ± 13 +83 ± 53 

Sapling density −87 ± 9 −75 ± 26 

Native herbaceous cover +20–25 +20–45 

Native vine cover +0–5 +20–25 

Non-native grass cover +0–5 0

Topsoil

Root mat depth −65 ± 18 +4 ± 11

Bare soil cover +39 ± 14 0

Clay fraction −25 ± 9 −17 ± 16

Silt fraction +63 ± 19 −17 ± 20

Sand fraction −10 ± 22 +45 ± 45

P concentration +1,808 ± 473 +36 ± 20 

Ca2+ concentration −6 ± 40 −59 ± 30 

pH +8 ± 6 −4 ± 4

Sum of bases −2 ± 34 −54 ± 27 

Note: Fire impacts were estimated by dividing each burnt forest value 
(N = 22 for flooded and N = 8 for non-flooded) by the forest reference 
mean (N = 5 for flooded and N = 1 for non-flooded). Confidence 
Intervals (CI) are based on alpha = 0.05. The cover of herbaceous, vines 
and grasses changed between classes on a scale from 0 to 6, with 0 as 
0% cover, 1 as 0%–5% cover, 2 as 5%–25% cover, 3 as 25%–50% cover, 
4 as 50%–75% cover, 5 as 75%–95% cover and 6 as 95%–100% cover.

F I G U R E  3   Wildfire impacts on riparian forests of the Chapada 
dos Veadeiros National Park. We used data on canopy openness 
as a proxy for fire damage. We then related canopy openness to 
vegetation and soil variables: (a) tree basal area, (b) tree sapling 
density, (c) native vine cover, (d) non-native grass cover, (e) bare soil 
cover, (f) root mat depth, (g) clay fraction and (h) topsoil phosphorus 
concentration. Field data were collected 6 months after the 
wildfire. The vertical grey dashed line indicates the mean canopy 
openness of reference sites. Statistically significant effects (based 
on LMM) are shown above each plot. The cover of plants in (c) and 
(d) varied on a scale from 0 to 6, with 0 as 0% cover, 1 as 0%–5% 
cover, 2 as 5%–25% cover, 3 as 25%–50% cover, 4 as 50%–75% 
cover, 5 as 75%–95% cover and 6 as 95%–100% cover
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whereas non-flooded forests suffered mild damages to most eco-
system variables (Figure 3). Further analyses indicated that the cover 
of native vines and non-native (exotic) grasses did not change with 
topsoil phosphorus (P) concentration, neither with bare soil cover 
(Figure  S10). Both sites where non-native grasses were present, 
however, had high P concentration.

Our analyses of density distributions of tree DBH and relative 
bark thickness indicated that, although trees in both forest types 
have similar DBH values (Figure  4a; p  =  0.53), trees in the non-
flooded forests have relatively thicker barks, compared to trees in 
flooded forests (Figure 4b; p = 0.002).

4  | DISCUSSION

4.1 | Wildfire impacts on riparian forests

Our results reveal how large wildfires can be destructive for ripar-
ian forests embedded in tropical savanna landscapes. In riparian 
forests of the CVNP, the 2017 wildfire killed on average half of all 
adult trees and 88% of tree saplings. It consumed half of topsoil root 
mats, exposing 28% of bare soils, which boosted phosphorus avail-
ability, probably as a result of ash deposition. These impacts were 
stronger on seasonally flooded forests than on non-flooded forests, 
with some sites suffering complete mortality and topsoil combustion 
(Figures 3 and 5a,b). In severely burnt forests, favourable light and 
nutrient conditions may have facilitated the expansion of opportun-
istic plants, such as vines and ferns, which already covered parts of 
our field plots only 6 months after the wildfire (Figure 5d,e). In two 
of these sites, invasive grasses were already present at low covers. 
Overall, our findings confirm our hypothesis that riparian forests are 
fire-sensitive ecosystems, and indicate that seasonally flooded for-
ests, which represent 54% of all riparian forests in this landscape, 

are the most vulnerable to wildfires. Although our field assessments 
are imbalanced with relatively more sites representing flooded for-
ests, our analyses were robust in suggesting their higher sensitivity, 
compared to non-flooded forests (Table S2).

A similar pattern has been observed in the Amazon, where sea-
sonally flooded forests are more sensitive to wildfires than non-
flooded forests (Flores et al., 2014; Nogueira et al., 2019; Resende 
et al., 2014). Flooding conditions are known to cause hypoxia, and 
trees often invest in above-ground root systems to overcome this 
stress (Parolin et al., 2004). Slow litter decomposition in these sys-
tems also causes humus to accumulate in the topsoil (dos Santos 
& Nelson,  2013). Root mats retain soil humus, reducing nutrient 
leaching and erosion (Stark & Jordan, 1978), while enhancing oxy-
gen acquisition under water (Parolin et al., 2004). Yet, during the dry 
season of extremely dry years, root mats may act as fuel for deadly 
smouldering wildfires (Flores et al., 2014; Resende et al., 2014). In 
most tropical forests, a single wildfire usually kills between 23% and 
44% of the trees (Cochrane, 2003). In floodplain forests, however, 
one single wildfire event can kill 60%–100% of all adult trees, which 
places them among the most fire-sensitive tropical forests (Flores 
et al., 2014, 2016; Resende et al., 2014). Our findings at the CVNP 
reveal that, while the non-flooded forests suffered negligible tree 
mortality, flooded forests suffered on average 52% tree mortality 
from a single wildfire event.

Root mats may have contributed to increase forest flammability 
during the 2017 drought. However, non-flooded forests also have 
root mats (Figure  3f), which raises the question of why they only 
suffered mild damage. Tree size and bark thickness are traits known 
to enhance internal protection from fire damage in tropical forest 
trees (Balch et al., 2011; Cochrane, 2003). We found that, while both 
forest types had similar DBH distributions, trees in the non-flooded 
forest had higher bark thickness, compared to trees in the flooded 
forest (Figure 4). This pattern suggests that both forest types may 

F I G U R E  4   Comparing (a) DBH and (b) relative bark thickness of individual trees in unburnt flooded and non-flooded forests. The Mann–
Whitney test confirmed that both forests did not differ in terms of DBH (p = 0.53), but were significantly different in terms of relative bark 
thickness (p = 0.002). In flooded forests, we show 166 individual trees from five distinct reference sites, whereas in non-flooded forests, we 
show 12 trees from the single non-flooded forest site. Trees in non-flooded forests have higher relative bark thickness than trees in flooded 
forests, which may help explain the differences in wildfire severity
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F I G U R E  5   Riparian forests of the Chapada dos Veadeiros National Park after the 2017 wildfire. (a, b) Two burnt flooded forests with 
forest structure and organic soils severely disturbed. (c) Burnt flooded forest with low tree mortality. (d) Severely burnt flooded forest 
dominated by the opportunistic fern Pteridium arachnoideum. (e) Severely burnt flooded forest dominated by vines. (f–h) Three unburnt 
flooded forests
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have experienced different fire regimes in the past (Pellegrini 
et al., 2017). Another possibility is that the thicker barks of trees in 
non-flooded forests are an adaptation to reduce water loss during 
the dry season (Loram-Lourenco et al., 2020), which contributed to 
increase their wildfire resistance.

4.2 | Post-wildfire ecosystem response

An emerging question is whether severely disturbed riparian for-
ests will recover back to their original state or remain arrested 
by self-perpetuating vines, ferns and invasive grasses. In a similar 
tropical savanna landscape of Belize, riparian forests were shown 
to recover well from small wildfires (Kellman & Meave, 1997). At 
the CVNP, however, the 2017 wildfire was a rare event that killed 
most trees and saplings, and consumed most of the organic soil in 
some forests (Figure  3), potentially destroying tree seed banks. 
Remnant trees often contribute to attract animal dispersers and 
facilitate forest recovery after disturbances, yet, when most trees 
have been killed, dispersal may be limited. Even if seeds are able 
to arrive in burnt forests, they will have to overcome multiple re-
cruitment limitations, such as competition with herbaceous plants 
(Figure 5d,e). In burnt forests, increase in soil phosphorus concen-
tration, as well as reduction in soil acidity and toxicity may now 
boost the growth of opportunistic and invasive plants. In fact, 
6  months after the fire, the non-native C4 grass Melinis minuti-
flora was already present in two severely burnt flooded forests 
(Figure 3d), probably benefiting from the improved soil conditions 
(Bustamante et al., 2012). Because of its high biomass and flam-
mable compounds, the expansion of M. minutiflora may reduce 
tree seedling survival (Hoffmann & Haridasan, 2008) and enhance 
overall ecosystem flammability (Hoffmann et  al.,  2004). Hence, 
the spread of M. minutiflora and other opportunistic plants in 
disturbed riparian forests may contribute to arrest forest succes-
sion, as previously shown in forests of the Cerrado and Amazonia 
(Flores et  al.,  2016; Hoffmann & Haridasan,  2008; Veldman & 
Putz, 2011).

An alternative possibility is that Mauritia flexuosa palms, as 
well as native grass species may colonize burnt riparian forests, 
as these sites are connected to palm swamp savannas along 
streams (Figures 1b and 5). Mauritia flexuosa palms often survive 
from wildfires and increase their seed production, potentially 
leading to mass recruitment in burnt sites (Arneaud et al., 2017). 
Transitions from riparian forest to Mauritia swamp savanna have 
been shown across the Neotropics by palaeoecological evidence 
(Rull & Montoya,  2014). For instance, at the Venezuelan Gran 
Sabana region, riparian forests were replaced by Mauritia swamp 
savannas following an increase in fire activity 2000  years ago 
(Montoya et al., 2011). Fires initially arrested the ecosystem in a 
state dominated by ferns for 200 years, until palm swamp savan-
nas expanded permanently (Rull et al., 2013). Interestingly, some 
of the burnt forests we studied are also dominated by the oppor-
tunistic fern Pteridium arachnoideum (Figure 5d), a species known 

to outcompete tree seedlings and arrest forest succession (Pivello 
et al., 2018).

Our findings imply that, as large wildfires become more fre-
quent in tropical savannas, riparian forests will be increasingly 
exposed to the risk of collapse (Scheffer et  al.,  2001; van Nes 
et al., 2018). The complete destruction of some forests (Figure 5) 
may open space for new plant species with contrasting functions 
that propel the ecosystem to an alternative vegetation state, which 
could potentially be: (a) a degraded state with invasive grasses and 
opportunistic plants or (b) a palm swamp savanna state with M. 
flexuosa and native grasses. To reduce such risk, it is necessary 
to manage landscape flammability. Some protected areas of the 
Brazilian Cerrado, for instance, have already started implement-
ing an Integrated Fire Management program, with the use of pre-
scribed controlled fires (Schmidt et  al.,  2018). Small prescribed 
fires act as micro-disturbances that help restore landscape hetero-
geneity, reducing wildfire spread (Mistry et al., 2005). The CVNP 
only adopted this strategy at a larger scale after the 2017 event. 
Additionally, the persistent control of non-native grasses is fun-
damental to reduce their invasion in disturbed sites. Managing 
wildfires and invasive grasses at the landscape scale is challenging, 
yet probably the best strategy to maintain riparian forests resil-
ient. These forests are an important habitat for large animals that 
move across the savanna landscape (Redford & Fonseca,  1986), 
implying that they contribute to stabilize trophic networks (Estes 
et al., 2011).

In summary, our findings reveal how riparian forests embed-
ded in tropical savanna landscapes are in danger from large wild-
fires. Seasonally flooded forests were the most impacted by the 
2017 wildfire at the CVNP, raising concerns about whether they 
will recover or shift into an alternative ecosystem state. In our study 
area, long fire-free periods allowed grass fuel to build-up, causing 
wildfires to be intense and uncontrollable. In addition, a synergis-
tic combination of climate change (Jolly et  al.,  2015) and environ-
mental governance loss (Levis et al., 2020) is causing large wildfires 
to happen more often in savannas landscapes of the Cerrado and 
Pantanal, in Brazil (Mega, 2020). The most promising solution to re-
duce such risk probably lies in combining the ancient indigenous fire 
management knowledge with recent scientific discoveries (Durigan 
& Ratter, 2016; Mistry et al., 2005). New forms of management using 
prescribed fires are already being applied in many fire-prone eco-
systems, restoring landscape heterogeneity and reducing the risk of 
large wildfires (Buisson et al., 2019; Schmidt et al., 2018). Evidence 
we present here contribute to these initiatives by stressing the need 
to consider riparian forests as a vulnerable element of tropical sa-
vanna systems.
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